—

—
SO0 9 N K~ WL

11
12

13

14
15
16
17

18
19
20

21
22

City of Austin

WATERSHED
SdPROTECTION

Drought and management effects on biophysicochemistry in Lake
Austin, Texas

SR-17-06, September 2017

Brent Bellinger, Ph.D., City of Austin, Watershed Protection Department. 505 Barton Springs Road,
Austin, TX 78704. brent.bellinger@austintexas.gov

Aaron Richter, City of Austin, Watershed Protection Department. 505 Barton Springs Road, Austin, TX
78704. aaron.richter(@austintexas.gov

Abel Porras, City of Austin, Watershed Protection Department. 505 Barton Springs Road, Austin, TX
78704. abel.porras@austintexas.gov

Stephen Davis, Lower Colorado River Authority. 3700 Lake Austin Blvd, Austin, TX 78703

Abstract

During a recent drought period, a municipal reservoir was affected by increased duration and magnitude
of cyanobacterial blooms, deep water hypoxia, and abundant Hydrilla verticillata growth. We analyzed
over 20 years of water quality data from sources monitoring Lake Austin, Texas, USA, to relate changing
hydraulic pulsing rates during periods of water surplus and deficit to system biophysicochemistry. During
the drought period, average daily discharges through the reservoir system were significantly reduced to
conserve water supply. In response, growing season hydraulic residence times in Lake Austin, typically a
run-of-river system with residence of about 10 d, increased 2—8 fold. Nutrient loadings to Lake Austin
decreased during low discharge, but only total phosphorus (TP) concentrations declined appreciably in
the reservoir. Late summer lower flows across years created epilimnetic conditions conducive to
cyanobacteria blooms because of stable stratification, water temperatures exceeding 25 C, and nitrate
concentration minima with TP and ammonia maxima. Drought-induced discharge reductions promoted
earlier onset of warm, stratified waters, and lower hypolimnetic oxygen concentrations. The
physicochemical changes coupled with longer hydraulic residence altered the timing of algal bloom
initiation, duration, and peak, and quadrupled the probability of cyanobacterial bloom occurrence. The
largest cyanobacteria blooms were observed when growing season discharges were consistently below 20
m’/s (i.e., hydraulic residence time > 2 weeks). Concomitantly, the non-native macrophyte hydrilla rapidly
spread in the warm, reduced flow conditions. By linking flushing rates to reservoir stratification and
potential phytoplankton bloom magnitude, our results will allow managers to anticipate summer water

1 quality conditions.
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Introduction

Water demand in many regions is frequently augmented and satisfied through construction of
reservoirs along rivers (Cooke et al. 1993). Reservoir water quantity and quality are vulnerable to
climatic changes that alter patterns of inflow and flushing rates, withdrawals, nutrient loading
and cycling, and stratification (Lewis 2000; Mosley 2015; Yasarer and Sturm 2016). For
example, discharge-driven hydraulic residence time in a reservoir influences nutrient mixing and
processing rates, and can structure phytoplankton species composition and biomass (Thornton et
al. 1990; Rangel et al. 2012; Cha et al. 2014). Reservoir biochemical responses to changing
external drivers can negatively impact the ecosystem services the reservoir provides including
provisioning of drinking water, recreational opportunities, and water for commercial and
agricultural uses (Elliott et al. 2006; Yuan and Pollard 2015).

Reservoir managers need to understand chemical and biological responses to flow regime shifts
due to regional climatic anomalies in order to sustain the delivery of ecosystem services
(National Research Council 2012; Brooks et al. 2016). In this study, we evaluated over twenty
years of monitoring data from a regionally important reservoir, Lake Austin, Texas, USA. Our
objective was to compare periods of normal and drought-influenced reservoir water provisioning
changes on dam discharge rates and hydraulic residence times, vertical temperature and oxygen
profiles, nutrient concentrations, and phytoplankton abundances. We then estimated how
flushing rates impacted the timing, probability of occurrence, and magnitude of phytoplankton
bloom events. Our model findings should help managers to anticipate potential drinking water
problems for mitigation strategy development.

Methods
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Water management plans

The LCRA’s first water management plan for the lower Colorado River basin was published in
1989 and is reviewed annually. Revisions approved in 1991, 1992, 1999, 2010, and 2015 have
reflected improved hydrologic modeling capabilities, changes in annual demand coupled to
current system storage and inflows, forecasted future needs, and modifications to the criteria and
thresholds determining the provision (both volume and intra-annual recurrence) of water for
customer and environmental flows while ensuring adequate storage. For the purposes of this
study, we divided our data summaries and analyses into the periods of 1990-1998, 1999-2010,
and 2011-2014. The first two delineations represent times of water supply adequacy and
satisfaction of all downriver customer demands each year. We kept the periods separate in most
analyses in order to visualize if changes in water provisioning, increasing demands by a growing
region, or invasion of Lake Austin by hydrilla (Hydrilla verticillata [L.f.] Royle) in 1999
appreciably impacted water quality. The last period encompassed a time of record low inflows
into the basin (http://www.lcra.org/water/water-supply/highland-lakes-
overview/Documents/Fact-Sheet-Drought-by-the-Numbers.pdf). In order to protect water supply
volume, beginning in 2012 LCRA ceased water releases to agricultural customers, which
typically represent 70% of annual water demand.

Data sources

The LCRA provided daily reservoir elevations (meters above mean sea level [m amsl]) and
average daily discharge volume (cubic meters per second [m?/s]) at Mansfield Dam and Tom
Miller Dam for the period from 1 January 1990 through 31 December 2014 (n = 9131 for each
dam). Hydraulic residence time was estimated daily by dividing Lake Austin’s volume by the
daily discharge from the Tom Miller dam. We also computed a moving average for discharge
and hydraulic residence time for the previous 15 d period.

Water quality data was also provided by the LCRA (http://waterquality.lcra.org/). Reservoirs
were typically sampled bi-monthly. Because Lake Travis is a bottom-release reservoir (~15 m
above Lake Austin’s surface elevation), we focused on hypolimnetic water chemistry (collected
~1 m above bottom) from the most down-river monitoring site (Fig. 1). Though disparate,
hypolimnion thickness was typically in excess of 30 m, with the bottom ~20 m being anoxic in
summer, so we assumed discharge was more reflective of hypolimnetic rather than epilimnetic
(i.e., top 1 m) water chemistry. Lake Austin surface (~0.3 m) and bottom (~1 m above bottom)
samples were collected from three sites (Fig. 1). Depth profiles for temperature (C) and dissolved
oxygen (DO; milligram per liter [mg/L]) were collected using a Hydrolab MS5 Datasonde (OTT
Hydromet, Loveland, Colorado, USA), and Secchi disk transparency (m) was determined. Water
chemistry constituents analyzed in this study were ammonia-nitrogen (NH3-N; mg/L),
nitrate+nitrite-N (NOx-N; mg/L), total Kjeldahl N (TKN; mg/L), total phosphorus (TP; mg/L),
and chlorophyll a (ug/L). Total N (TN; mg/L) was derived by summing TKN and NOx-N
concentrations. Water chemistry analyses followed Environmental Protection Agency standard
methods and were carried out by the LCRA-Environmental Laboratory Services (Austin, TX,
USA; http://www.lcra.org/services/els/Pages/default.aspx).

Austin Water, the City of Austin’s drinking water and wastewater utility, provided total algal and
taxonomic group (flagellates, green algae, diatoms, and cyanobacteria) abundances (organisms
per mL [org/mL]) beginning 12 January 1992. Due to homeland security concerns, sampling
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frequency is classified. Final sample size for total algae, green algae, diatoms, and cyanobacteria
equaled 7082, 7033, 7025, and 7012, respectively. Winsborough Consulting (Leander, TX) and
Austin Water also provided soft alga genera identifications. While dinoflagellates may also
develop nuisance bloom conditions (Paerl 1988), we excluded them from our analyses as
abundances were relatively homogeneous within and across years (mean

+ 95% confidence interval [CI] = 3427 + 50 org/mL). Austin Water has established reporting
threshold triggers (i.e., bloom events) of 10,000 org/mL for total algae and 300 org/mL for
cyanobacteria. Above those abundance thresholds, Austin Water has noted increased potential
for taste-and-odor problems in the drinking water, necessitating additional treatment.

Texas Parks and Wildlife Department provided submerged aquatic vegetation (SAV) survey
data. Surveys were conducted on Lake Austin approximately every two years prior to invasion
by hydrilla in 1999. After 2002, Texas Parks and Wildlife typically conducted three surveys per
year to evaluate the spread of hydrilla and control efficacy of stocked triploid grass carp
(Ctenopharyngodon idella [Valenciennes in Cuvier and Valenciennes]). Surveys were carried
out by boat, and the SAV bed boundaries identified by sight and sonar. Bed area (ha) was
interpolated with geographic information system (GIS) software. Rake samples were randomly
collected during surveys to identify species present and the proportional abundance within the
SAV beds.

Data analysis
Data summaries

We utilized a retrospective study approach to summarize and investigate parameters of interest
and to visualize differences between hydrologic periods and relationships among parameters. In
order to compare periods, we calculated means and their 95% Cls for dam discharges, hydraulic
residence time, water chemistry, dissolved oxygen (DO), temperature, Secchi disk transparency,
and chlorophyll-a (chl-a). Data were summarized by periods, sites, and months, and were also
combined across sites by month and period, across months by site and period, and by period
across sites and months. Linear regression was used to evaluate similarities in discharges from
Mansfield and Tom Miller dams. Nutrient loading rates from Lake Travis to Lake Austin were
estimated by taking the summation of the hypolimnetic concentrations from Lake Travis
multiplied by the average daily discharge from Mansfield Dam on the day of water quality
sampling, and extrapolating that load annually based on the total volume released in each year
against the volume released on days of water quality sampling.

Change point analysis

We applied change point analysis to identify when a stochastic process changed between algal
abundance and either Julian Day of the year or the 15 d moving average hydraulic residence time
and 15 d moving average discharge from Tom Miller Dam. For the former, we separated data
into only two periods, 1992-2010 and 2011-2014, and looked at when algal abundance began
significantly increasing (change point 1) and peaked (change point 2). The two non-drought
periods were combined due to overlap in phytoplankton patterns. Change points between
phytoplankton abundance and hydraulic residence time or discharge were determined for the
entire period of observation (1992-2014) only during the growing season (1 May through 30
November) to eliminate seasonality effects (i.e., low winter flows and algal abundances). We
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used the phytoplankton abundances at the end of the 15 d moving average period. Quantile
regression was used to estimate the 95 percentile of the distribution of the response variable
(phytoplankton abundance) conditional on residence time or discharge (Cade et al. 1999;
Koenker and Machado 1999). The 95" quantile was chosen because of its relatedness to the
highest algal abundances and it has been previously shown to better detect trends in algae counts
than other quantiles (Porras and Richter 2015).

The following model was used to find the Julian day change points for total, diatom, and green
algal abundances:

a jday < cpl
mu = a + B1 x (jday — cpl) jday < cp2 but = cpl (D
a+ B2(cp2 —cpl) + 81 X (jday —cp2)  jday = cp2

Where mu = 95" quantile, jday = Julian day, cpl = change point 1, and cp2 = change point 2. For
cyanobacteria, the second change point fixated at a local peak within the data, necessitating an
additional change point in the model:

a jday < cpl
a+ f1x* (jday — cpl) jday < cp2 but = cpl
mu a+ B2 * (cp2 — cpl) + 81 * (jday — cp2) jday < cp3 but = cp2 )
a + 3 * (cp3 — cp2) + 82 * (jday — cp3) jday = cp3

All a, B, and o parameters were modeled using normal distributions with large variance as priors.
Change points were modeled using uniform distributions ranging from 0 to 365 for cpl, cpl to
365 for cp2, and cp2 to 365 for cp3. Change points were found using Markov chain Monte Carlo
methods with an initial burn-in of 10,000 iterations and a sample size of 10,000 for estimating
parameters.

To find change points related between 95" quantile algal abundance and the moving 15 d
average residence time and moving 15 d average discharge, we used the approach depicted in
Killick et al. (2016). This method is useful in finding multiple changes within a series of ordered
points y1.. = (V1,...,vn) by partitioning the sequence into segments with similar statistical
properties. The segments are defined by their position in the sequence, T, for i = 1 to m change
points. Thus, one change point, for example, would partition the sequence into the segments y.;

and y.+1.,. For multiple change points, each position in the sequence, ti, would be assessed. This
assessment would be based on minimizing the function:

m+1
D (60t + BFO0) 3)

i=1

Where C/-/ is a cost function for each segment partitioned by some change point position, t;, and
the cost function used is a negative log-likelihood. The term B f (m) reflects a penalty function to
prevent overfitting of change points to the sequence of data.
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Bayes’ theorem

Bayesian credible intervals were developed for the mean number of days in the growing season
in which total algae or cyanobacteria counts exceeded 10,000 org/mL and 300 org/mL,
respectively. These credible intervals were developed using the OpenBUGS software that
modelled the counts as realization coming from a Poisson distribution with an unknown mean
count. The posterior distribution of mean counts was determined by assuming an uninformative
prior distribution, and computing the likelihood of a Poisson distribution given the data of
seasonal counts. For both total algae and cyanobacteria mean number of days, the counts were
partitioned into two data sets, 1992-2010 and 2011-2014.

In order to estimate the probability of a cyanobacterial bloom occurrence based on 15 d average
hydraulic residence time, we applied Bayes’ Theorem (Gotelli and Ellison 2004; McCarthy
2007). Mathematically, Bayes’ Theorem is:

Pr(A|B) = (Pr(B|A) x Pr(A))/Pr(B) (4)

Where Pr(A) = probability of event 4 (i.e., a bloom event >300 cyanobacteria org/mL), Pr(B) =
probability of event B (i.e., a hydraulic residence time greater than an a priori threshold),
Pr(B|A) is the probability of event B happening given event 4, and Pr(A|B) = the probability of
event 4 happening given event B. The term Pr(B) required further derivation for occurrences of
a discharge event when there was not an algae bloom with:

Pr(B) = Pr(B|A) X Pr(A) + Pr(B|not A) X Pr(not A) (5)

Where Pr(not A) = the probability of event 4 not happening (i.e., cyanobacteria counts < 300
org/mL), and Pr(B|not A) = the probability of a hydraulic residence time/discharge given no
bloom event.

The probabilities for each term in Equations 4 and 5 were estimated from daily records of counts
of cyanobacteria at the end of the 15 d moving hydraulic residence time. For instance, the
percentage of days when bloom events occurred served as proxies for Pr(A). Similarly, the
percentage of days when Lake Austin had an estimated hydraulic residence time less than some
threshold for those days that there was a bloom event were substituted into Pr(B|A). Within the
growing season across periods 1990-1998, 1999-2010, and 2010-2014, n = 965, 1670, and 585,
respectively.

As a check for statistical independence of the data, roughly one-third of the data was randomly
sampled, and the same probabilities were estimated with the smaller set. The result was
differences of £3%, +3%, and £10% for 1990-1998, 1999-2010, and 2010-2014, respectively. It
should be noted that the large differences in percent for 2010-2014 was due to the small sample
size when the hydraulic residence time was <30 d. When the probabilities were estimated for an
average residence time >45 d, the difference in probabilities decreased to about +2%. Statistical
analyses were run with SAS v. 9.4 (SAS Institute, Inc, Cary, NC, USA) or the R package
“changepoint” (Killick et al. 2016).
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Results

Reservoir levels and discharges

From 1990 to 2010, the Lake Travis water level and stored volume ranged from approximately
45% to >100% of desired capacity (Fig. 2A). Lake Austin elevations were kept relatively
constant (= 0.3 m of 150.2 m amsl) aside from periodic draw-downs to help control SAV (Suppl.
Fig. 1A). Prior to onset of the 2011 drought, multi-year declines in Lake Travis’ surface water
level were observed in 1995-1997, 1999-2001, 2005-2007, and 2008-2010 (Fig. 2A). After
2011, Lake Travis levels rapidly declined, reaching a low of less than 190 m amsl (~35% of
capacity) in 2013.

Mansfield Dam average daily discharge varied substantially within and across months during the
first two periods. Lake Travis discharges averaged within a month across each of the first two
periods followed a seasonal pattern with lowest (<10 m>/s) average daily discharges between
October and March. June and July typically had the highest average discharges due to rainfall
and to meet downriver agricultural demands. Despite the inter-annual variability in daily
discharge, average rates in March through September were similar between the first two periods;
rates were higher in October through February in the 1999-2010 period (Fig. 2B). For the period
of drought (2011-2014), average monthly discharges from Lake Travis were significantly lower
than the previous twenty years in May through September, averaging <20 m>/s per day. Average
monthly discharges from Lake Austin were to Lake Travis prior to 2011, but between 2011 and
2014 discharges averaged <10 m%/s across months (Suppl. Fig. 1B).

Between 1990 and 2010, Tom Miller Dam daily discharges tracked discharges from Mansfield
Dam (Tom Miller discharge = 1.0/ * Mansfield discharge — 2.12 ; r* = 0.97). During the
drought, discharges from Lake Travis through Lake Austin were primarily to meet
environmental flow requirements and maintain Lake Austin’s elevation, resulting in Lake Austin
discharge rates falling below the 1:1 line (Tom Miller discharge = 0.793 * Mansfield discharge —
2.398; 1* = 0.82; Fig. 2C).

As a result of the lower discharges during the drought period from the Tom Miller dam, average
monthly hydraulic residence time in Lake Austin increased significantly from the previous two
periods (Fig. 2D). Through the first two periods, monthly average hydraulic residence time
during the growing season was typically less than 14 d; the 1999—2010 period averaged only
about one week. During the drought period, monthly estimates of residence time increased two-
to eight- fold (Fig. 2D).
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Lake Travis hypolimnetic water chemistry and loading rates

Among months across time periods, average concentrations of NH3-N (Fig. 3A) and NOx-N (Fig.
3B) were highest (0.27-0.50 mg/L) and lowest (<0.02 mg/L), respectively, in October. Total
Kjeldahl N concentrations constituted approximately 80% of the TN concentration across
months and years (not shown). Within a period, monthly concentrations of TN (means: 0.50—
0.91 mg/L; Fig. 3C) and TP (means: 0.02—0.12 mg/L; Fig. 3D) were similar. However, TP
concentrations were generally higher during the non-drought periods, contributing to lower
average molar N:P ratios (10-30) relative to the drought period (30-60; Fig. 3E).

Despite similar average monthly discharges between the periods of 1990-1998 and 1999-2010
(Fig. 2C), estimated average annual nutrient loading estimates during the latter period declined
by between 5x (TN) to over 100x (TP; Fig. 3F). During the drought, estimated average annual
nutrient loading rates declined approximately an order of magnitude for NH3-N, NOx-N, and TN,
and nearly two orders of magnitude for TP, relative to the previous two decadal periods.

Lake Austin surface water quality

Between sites, for all months and periods, excluding Chl-a, water chemistry did not consistently
differ (Fig. 4A—F). For all sites and periods, bi-monthly NH3-N concentrations were greatest in
summer and fall (>0.05 mg/L; Fig. 4G) whereas NOx-N concentrations were lowest in August
and October (<0.1 mg/L; Fig. 4H). Total N concentrations were similar across months (~0.5
mg/L; Fig. 4I). Total P concentrations typically peaked in October (0.08 mg/L; Fig. 4J),
contributing to the lowest seasonally observed molar N:P (~50; Fig. 4K) and NOx-N:P (~2; Fig.
4L) ratios. Among periods for all sites and months, average concentrations of NH3-N for 1999—
2010 and 2011-2014 were similar, but both periods were lower than 1992—-1998 (Fig. 4M).
Concentrations of NOs3-N (Fig. 4N), TN (Fig. 40), and TP (Fig. 4P) were lowest during the
drought period resulting in the greatest observed molar N:P (> 100; Fig. 4Q) and NOx-N:P (>20;
Fig. 4R) ratios.

Chlorophyll a concentrations increased moving down-river, though the mid-reservoir site 12297
had greatest Secchi disk transparency (Fig. 5A and B, respectively). Across months, Chl-a
concentration peaked at ~3.5 pg/L in October (Fig. 5C) whereas bi-monthly Secchi disk
transparency generally remained similar (Fig. 5D). Drought-period chl-a concentrations were
more than double the non-drought periods (Fig. SE). Greatest Secchi disk transparency depths
(approx. 3.5 m) generally occurred during the period of 1992—-1998 (Fig. 5F). See supplement
Fig. 2 and 3 for additional details.

Vertical profiles and hypolimnetic chemistry

Between 1992 and 2010 at site 12294, April vertical temperature differences were minimal (Fig.
6A). Stratification of the water column was typically evident by June (Fig. 6B). By August,
epilimnetic water temperatures were typically greater than 25 C (Fig. 6C). By the October
sampling, the water column was isothermal (Fig. 6D). During the drought, stratification became
established earlier (Fig. 6A), and epilimnetic depth was greater during the drought period (Fig.
6B & C). Water temperatures across all months were warmer, with the largest difference, 7 C,
observed in June (Fig. 6B), historically when hypolimnetic discharges from Lake Travis into
Lake Austin were largest (Fig. 2B).
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Between 1992 and 2010, April and June vertical DO profiles were relatively homogenous (Fig.
6E & F, respectively). In August, a hypoxic hypolimnion was typically observed (Fig. 6G), but
waters were oxygenated and well mixed again by the October sampling (Fig. 6H). During the
drought period, a distinctive oxicline was evident in April (Fig. 6E). June (Fig. 6F) and August
(Fig. 6G) hypolimnetic DO was typically less than 2 mg/L below 6 m depth; DO concentrations
>5 mg/L were limited to the epilimnion. Despite warmer water temperatures and low discharges,
turnover and oxygenation of the water column was still evident by October (Fig. 6H).

With the exception of NOx, there were no seasonal or drought and non-drought period patterns in
water chemistry patterns near the bottom (~14 m) of site 12294 (not shown). Seasonal changes in
NOx concentrations matched those of the epilimnion.

Phytoplankton abundance

Total phytoplankton abundance between 1992 and 2010 exceeded the reporting bloom threshold
of 10,000 org/mL on only 1.1% of the measurement days (Fig. 7A). We generally observed
greater total algal biomass in years of lower Lake Travis elevation and average daily discharges.
For the non-drought period of high discharges, we estimated an increasing likelihood of there
being less than 8 d experiencing a bloom in the growing season (Suppl. Fig. 4A). Conversely,
between 2011 and 2014, nearly 30% of the growing season days with counts experienced a
bloom, and four of the five greatest phytoplankton cell abundances were recorded (Fig. 7A).
During the drought we estimated an increased likelihood of over 30 d during the growing season
experiencing a bloom (Suppl. Fig. 4A). We estimated the timing of total phytoplankton
abundance increase and peak in non-drought years at Julian d 236 and 270, respectively (Fig.
8A). Between 2011 and 2014, total phytoplankton abundance initiation and peak (Julian d 170
and 199, respectively) were earlier than the non-drought period.

Green algal abundance before 2011 typically peaked below 1500 org/mL, with periodic spikes
(Fig. 7B). The two largest green algal biomass events occurred in 2013 and 2014. Green algal
abundance during the drought period began increasing later in the year than under non-drought
conditions (Julian d 113 vs 73, respectively), but peaked earlier during the drought (Julian d 182)
than non-drought (Julian d 204) period (Fig. 8B).

Diatom abundance infrequently exceeded 1000 org/mL prior to 2011, but peak abundances
increased up to an order of magnitude during the drought period (Fig. 7C). We estimated diatom
abundance between 1992 and 2010 began increasing very early in the year (Julian d 68) and on
average did not peak until early August (Julian d 222; Fig. 8C). However, between 2011 and
2014, biomass increased later (Julian d 167) and quickly peaked (Julian d 202).

Cyanobacteria abundance prior to 2011 generally spiked coincident with years when Lake Travis
elevation and discharge declined (e.g., 1996, 2006-2007, 2009; Fig. 7D). However, the largest
recorded abundance, 20,000 org/mL, occurred in 2013. Between 2011 and 2014, cyanobacteria
were considered “blooming” (i.e., >300 org/mL) on 356 d, compared with only 374 d between
1992 and 2010. In non-drought years, we estimated their potentially being between 10 and 40
growing season days exceeding Austin Water’s reporting criteria (Suppl. Fig. 4B). Conversely,
under sustained low discharges, upwards of 120 d may exceed reporting thresholds. Prior to
2011, cyanobacteria began blooming in early August (Julian d 222) and peaked in early October
(Julian d 277; Fig. 8D). During the drought, cyanobacteria bloom initiation was almost two
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months earlier and peaked ~20 d later than the non-drought period. The dominant
cyanobacterium during blooms was Oscillatoria spp.

Flushing rates and phytoplankton abundance

Across all years we found significant change points in algal abundance associated with hydraulic
residence (Fig. 9) and discharge volumes (Suppl. Fig. 5; a full list of change points identified can
be found in supplemental Table 1). Below a hydraulic residence time of 8 d (or average
discharges of ~26 m¥/s), total algal abundance records for Lake Austin were largely below the
reporting threshold of 10,000 org/mL (Fig. 9A). We observed the largest phytoplankton
abundances when residence times exceeded four weeks (discharges below ~6 m*/s; supplemental
Fig. 5A).

Green algae abundance records indicated a significant change when hydraulic residence times
were above one week, and greatest cell volumes were observed when flushing rates exceeded
two weeks (average discharges below 23 m®/s; Fig. 9B and supplemental Fig. 5B).

Diatom abundances were most responsive to moderate hydraulic residence times (e.g., 21 to 68
d; Fig. 9C). Abundance records rapidly declined when average hydraulic residence times were
less than 21 d (>~13 m?/s) but also when flushing rates exceeded ~3 months (or discharges <~3
m?/s; supplemental Fig. 5C). Diatom abundance records peaked when the 15 d average hydraulic
residence times were ~40 d (Fig. 9C).

Cyanobacteria records indicated rapid increases above 450 org/mL when average hydraulic
residence times in Lake Austin exceeded 6 d (Fig. 9D). Average discharge rates below 8 m?/s,
were associated with the largest recorded abundances (supplemental Fig. 5D; supplemental Table
1). Across all years, the probability of a bloom event increased as the average hydraulic
residence time exceeded three weeks, and peaked at an ~20% probability (supplemental Fig. 6).
When partitioning by periods, the probability of a bloom was generally less than 15% in non-
drought years, regardless of residence time. During the drought period, the probability of a
bloom more than doubled as residence time increased from 15 to 45 d, and the probability
peaked at approximately 60% (Suppl. Fig. 6).

Submerged aquatic vegetation

Prior to 1999, SAV was primarily comprised of Eurasian watermilfoil (Myriophyllum spicatum
L.) with a limited extent in the upriver third of the reservoir (Fig. 10). After 1999, hydrilla
periodically dominated the SAV community; coverage was highly variable after 2002 due to
triploid grass carp stocking efforts. After 2011, areal coverage of hydrilla rapidly increased and
peaked at over 250 ha in 2013. Herbivores eventually achieved total control of hydrilla, and no
SAV has been observed in Lake Austin after Jun 2014 (Fig. 10).

Discussion

In the Lake Austin reservoir, we showed how water chemistry constituents and phytoplankton
succession and biomass dynamics changed due to seasonality and drought-induced discharge
reductions. We determined that growing season low discharge rates were one of the most
important factors influencing reservoir physicochemical dynamics which altered the timing,

10
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probability, and magnitude of phytoplankton blooms. From this, based on spring and summer
flushing rates managers will be better able to anticipate the timing and potential magnitude of
hypoxia and phytoplankton blooms that can negatively impact municipal drinking water quality.

Across hydrologic periods, Lake Travis hypolimnetic water chemistry seasonal patterns were
consistent with anoxic and microbial nutrient cycling dynamics. The late-summer peak of TP
concentration is expected from liberation of sediment P during anoxia, and NH3-rich and NOs™-
poor waters are likely to be driven by microbial ammonification and denitrification, respectively
(Wetzel 2001). Concomitant with lower discharges from Lake Travis during the drought period,
nutrient loading to Lake Austin significantly declined. Bi-monthly surface chemistry patterns
reflected Lake Travis hypolimnetic chemistry. However, we found Lake Austin surface water
nutrient chemistry varied little longitudinally despite the upriver loading and 33 km reservoir
course, likely due to typically rapid pulsing and narrow channel morphology (Thornton et al.
1990). Lake Austin’s longitudinal dynamics were likely also confounded by sediment
resuspension dynamics affected by grass carp grazing, SAV distribution/elimination, and
increasing recreational activities (Maceina et al. 1992; Cunha et al. 2014). Lake Austin
hypolimnetic water chemistry patterns could have been obfuscated by bottom waters being
hypoxic rather than anoxic, coupled with potentially rapid cycling and uptake that would not be
captured by the bi-monthly sampling regime (Bormans et al. 2015).

Increased water residence times contribute to warmer waters which enhance vertical water
column stability (Mitrovic et al. 2011; Huber et al. 2012). In Lake Austin, drought period waters
were warmer earlier, increasing the duration of stratification and deep water hypoxia (e.g., DO
concentrations <2 mg/L). Greater hypolimnetic thickness could promote the accumulation of
reduced compounds that contribute to taste-and-odor problems, and increases the likelihood of
intake by a drinking water utility (Beutel 2003; Davis J, Austin Water, Feb. 2017, pers. comm.).
Greater diatom abundances observed during the drought may have also played a role in
enhancing deep water hypoxia earlier in the summer as greater cell sedimentation over a short
period of time would increase biological oxygen demand (Reavie et al. 2016a).

Diatom abundance increased early in the growing season due to cool water temperatures,
abundant nutrients (and presumably silicates), and turbulence maintaining cells in the photic
zone (Sommer et al. 1986; Jacquet et al. 2005; Domingues and Galvao 2007). During the
drought, the duration of diatom blooms was short and abundances were up to an order of
magnitude greater relative to non-drought years, indicating that flushing negatively impacted
diatoms biomass in non-drought years. Salmaso and Zignin (2010) also documented a negative
association between diatom abundances and river discharge rates. Extended stratification and
warmer waters can significantly enhance small diatom taxa biomass (Reavie et al. 2016b);
however, without species identifications, we do not know if community composition shifted
between periods. However, we also found that extended periods of hydraulic stability (i.e., >68
d) negatively impacted diatom abundances, likely due to cell settling in the prolonged period
absent of vertical turbulence (Riihland et al. 2015). Green algal dynamics generally matched
diatoms in timing of biomass accumulation and peak, but were a small component of the
phytoplankton community, likely due to P-limitations (see below; Sommer et al. 1986; Wetzel
2001).

Cyanobacteria abundance peaked in late summer across years. In lentic systems, conditions
conducive to cyanobacteria bloom development, including N-limitations and P-enrichment,
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water temperatures exceeding 25 C, and low mixing and flushing rates that promote stratification
and vertical stability, typically occur in late summer (Soranno 1997; Ferber et al. 2004; Huber et
al. 2012; Reichwaldt et al. 2015; Yasarer and Sturm 2016). For example, as N becomes limiting
cyanobacteria, including Oscillatoria which was prominent in Lake Austin, may fix atmospheric
N and migrate vertically to scavenge PO4” and NH4" from the metalimnetic entrainment zone
(Paerl 1988; Gallon et al. 1991; Bormans et al. 1999; Jacquet et al. 2005). In Lake Austin TN did
not vary seasonally, but when NOx-N concentrations were near their minimum and TP
concentrations were maximal, cyanobacteria peaked. The number of “low nitrate days” (e.g.,
<0.1 mg NOs-N/L; Niirnberg 2007) and a molar NOx-N:P ratio below 11 (with water
temperatures >21 C; Pick and Lean 1987) have been linked to cyanobacteria bloom magnitude.
Lake Austin epilimnetic NOx-N concentrations and molar NOx-N:P were typically at those
thresholds by the August sampling. Lower NOx-N loadings during the drought period from Lake
Travis could have helped promote the observed earlier bloom onset; higher resolution monitoring
is needed to better link NOx-N dynamics with cyanobacteria abundances.

Epilimnetic TN and TP concentrations and ratios can also influence cyanobacteria bloom
development and toxicity (Noges et al. 2008; Grantz et al. 2014; Paerl et al. 2014; Persaud et al.
2014). Regardless of hydrologic period, Lake Austin TN concentrations generally fell within the
thresholds associated with a low bloom risk (e.g., 300—700 pg/L; Yuan and Pollard 2015). Prior
to the drought, TP concentrations typically exceeded 20 pg/L which has also been linked to
increased risk of cyanobacterial blooms (Paerl et al. 2014; Yuan and Pollard 2015; Pick 2016).
However, blooms were infrequent in non-drought years, further substantiating the importance of
discharge rates in the inhibition of cyanobacteria biomass accumulation. Fortuitously, during the
drought when environmental conditions were favorable for cyanobacteria blooms, TP
concentrations in Lake Austin declined (x ~13 pg/L), and molar N:P ratios remained P-limited
(i.e., >22; Guildford and Hecky 2000), though still favorable to cyanobacteria (Pick and Lean
1987; Noges et al. 2008). The increasing P-limitation may have been a boon to Oscillatoria
(Jacquet et al. 2005), a known toxin producer (Hitzfeld et al. 2000). Toxin production is typically
observed in eutrophic systems (i.e., both N- and P- rich; Paerl et al. 2016), and Lake Austin
blooms thus far have not been found to be toxic (Maddox C, Austin Water, Oct 2016, pers.
comm.; Bellinger B, Watershed Protection, Dec 2016, unpubl. data). The peak biomass
experienced to date for this study (20,000 org/mL) is considered a low health risk to recreational
users (WHO 2003). We hypothesize that the absence of toxic cyanobacteria from Lake Austin,
notably during the drought, was largely driven by P-limitations.

In non-drought years the typically small magnitude and probability of cyanobacteria blooms
were reflective of the short period of favorable physicochemical conditions coupled with water
chemistry (Bowes et al. 2016). For example, water temperatures did not exceed 25 C until late
summer, and growing season hydraulic residence times were typically much less than three
weeks which will limit cyanobacteria biomass accumulation (Thornton et al. 1990; WHO 2011;
Huber et al. 2012; Londe et al. 2016). After bloom initiation, cyanobacteria had a relatively short
growth period before cooling of waters and vertical mixing of the water column. The limited
duration of optimal growth conditions driven by high flushing rates fits our estimation that in
normal water provisioning years there would be <40 d experiencing a cyanobacterial bloom, with
only a 10—15% probability of occurrence on a given day, even at lower flushing rates.
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Conversely, maximum observed cyanobacteria abundances occurred during the drought period
when hydraulic residence times significantly increased. The absence of sustained flushing
discharges led to development of favorable physicochemical conditions earlier in the summer,
contributing to bloom initiation being nearly two months earlier than during the non-drought
period. As the 15 day moving average hydraulic residence time exceeded one month, we
estimated there being over a 50% chance of a given day being in a bloom, with upwards of a
total of 120 d exceeding bloom thresholds. Infrequent large discharges would be unable to
sufficiently cool water temperatures, de-stratify the water column, or flush biomass (Cooke et al.
1993; Huber et al. 2012; Yasarer and Sturm 2016). Ample water volume is therefore required for
managers to both achieve and continuously maintain (e.g., >14 d) critical discharge velocities in
order to disrupt a cyanobacterial bloom (Mitrovic et al. 2011; Cha et al. 2014; Bowes et al.
2016). If flow-regulation was not an option due to drought, disruption of water column stability
could be achieved through alternative methods (Bormans et al. 2015). For example, artificial
mixing of Nieuwe Meer, Netherlands, with compressed air bubble plumes for two weeks
eliminated lake stratification, aerated the anoxic hypolimnion, and prevented noxious
Microcystis blooms (Visser et al. 1996).

While SAV re-establishment is important to the fisheries and water clarity of Lake Austin, it
remains unresolved if during low discharge conditions a robust SAV community would
substantially inhibit large phytoplankton blooms in the lower section of the reservoir. Prior to the
drought, spikes in algal biomass and decreased Secchi disk transparency were observed,
primarily between 1999 and 2010 relative to 1992—1998, despite generally greater SAV
abundances after the invasion by hydrilla. A confounding factor is grass carp grazing which can
negatively influence transparency (Pipalova 2006), and promote phytoplankton biomass
accumulation (Maceina et al. 1992). During the drought period Chl-a concentration in Lake
Austin increased at all sites regardless of SAV coverage. And, in 2012, the largest hydrilla extent
in the upper reservoir was observed (i.e., >250 ha or ~31% of the total reservoir area), while the
second highest total algae and cyanobacteria abundances to date also were measured. Lake
Austin’s bathymetry and internal connectivity driven by its’ narrow channel make it possible that
during periods of low flows, alternative stable states, i.e., an SAV-dominated clear-water and
phytoplankton-dominated turbid-water state, can occur side-by-side (Scheffer and Van Nes
2007; Janssen et al. 2014).

Management plans developed by water provisioning authorities will continue to evolve to ensure
demands can be met in the face of uncertain climatic conditions and basin inflows. However,
from the modeling methods and outputs demonstrated in this study (e.g., Fig. 9, supplemental
Fig. 5 & 6), consideration of the ecological impacts of modified water flows could be
incorporated into management plans towards the protection of water quality. For example, in the
Texas Colorado River basin, beyond conservation strategies the LCRA is constructing two new
off-channel reservoirs in the lower watershed that will provide water storage for agricultural
customers (http://www.lcra.org/about/newsroom/news-releases/Pages/LCRA-receives-8-million-
grant-for-second-new-reservoir.aspx). As a result, even in the absence of drought conditions,
lower summer discharges should be anticipated for the Highland Lakes. Wastewater reuse is also
becoming more widespread. While that can further reduce demands on drinking water supplies,
land application within riparian corridors could increase nutrient loadings to receiving systems
(Porras et al. 2016). Additionally, zebra mussels (Dreissena polymorpha) have recently invaded
the Highland Lakes, and their presence in low nutrient lakes (TP < 25 ug/L) has been found to
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483  enhance prevalence and toxicity of the cyanobacterium Microcystis aeruginosa (Raikow et al.,
484  2004; Knoll et al. 2008). Continued monitoring with expansion of high frequency sampling is
485  needed to further improve phytoplankton bloom predictions to better inform adaptive

486  management strategies necessary to ensure protection of water quality (Dodds et al. 2012; Marcé
487 etal. 2016).

488

489 Recommendations and future research

490 e During the growing season, collect higher resolution (e.g., daily, weekly) water chemistry
491 (e.g., temperature, nitrate, ammonium, total phosphorus) data

492 e Expand and refine phytoplankton bloom models incorporating more potential drivers
493 (e.g., temperature, nutrients)

494 e Vertical sampling of the epilimnion and metalimnion for algal biomass to determine
495 vertical heterogeneity. It is possible that surface (0.3 m) samples are biasing

496 understanding of phytoplankton biomass and bloom dynamics

497 e Diatom species ID to determine if the species composition and sizes change under
498 drought and non-drought conditions

499 e Expand understanding of the relationship between aquatic vegetation, clarity, and

500 phytoplankton biomass as plant biomass recovers in Lake Austin

501 e Continue monitoring cyanobacterial blooms for toxins

502 e Expansion of collaborations with LCRA and Austin Water to enhance management,
503 monitoring, and modeling of future water quality conditions based on changing flow
504 regulations, climate, and development in the watershed

505 e Determine how much nutrient loading to Lake Austin is contributed by Lake Travis and
506 how much is contributed from other sources such as wastewater reuse, septic tank leaks,
507 atmospheric deposition, or inflow from Austin creeks

508 e Determine rates of N and P release from lake sediments

509 e Determine how changes in Lake Austin impact Lady Bird Lake

510 e Monitor for zebra mussel population increase and determine if a future infestation will
511 affect Lake Austin’s phytoplankton biomass

512

513

514

515

516

517

518

519

520

521

522

523

524

525

526

14



527
528
529
530
531
532
533
534
535
536
537
538
539
540
541
542
543
544
545
546
547
548
549
550
551
552
553
554
555
556
557
558
559
560
561
562
563
564
565
566
567
568
569
570
571
572

References

Beutel M. 2003. Hypolimnetic anoxia and sediment oxygen demand in California drinking water
reservoirs. Lake Reser. Manag. 19:208-221.

Bormans M, Marsalek B, Jancula D. 2015. Controlling internal phosphorus loading in lakes by
physical methods to reduce cyanobacterial blooms: A review. Aquat. Ecol. 1-16.

Bormans M, Sherman BS, Webster IT. 1999. Is buoyancy regulation in cyanobacteria an
adaptation to exploit separation of light and nutrients? Mar. Freshw. Res. 50:897-906.

Bowes MJ, Loewenthal M, Read DS, Hutchins MG, Prudhomme C, Armstrong LK, Harman SA,
Wickham HD, Gozzard E, Carvalho L. 2016. Identifying multiple stressor controls on
phytoplankton dynamics in the River Thames (UK) using high-frequency water quality
data. Sci. Total Environ. 569-570:1489—-1499.

Brooks BW, Lazorchak JM, Howard MDA, Johnson MVV, Morton SL, Perkins DAK, Reavie
ED, Scott GI, Smith SA, Steevens JA. 2016. Are harmful algal blooms becoming the
greatest inland water quality threat to public health and aquatic ecosystems? Environ.
Toxicol. Chem. 35:6-13.

Cade BS, Terrell JW, Schroeder RL. 1999. Estimating effects of limiting factors with regression
quantiles. Oikos 91:245-254.

Cha YK, Park SS, Kim K, Byeon M, Stow CA. 2014. Probabilistic prediction of cyanobacteria
abundance in a Korean reservoir using a Bayesian Poisson model. Water Resour. Res.
50:2518-2532.

Cooke GD, Welch EB, Peterson SA, Newroth PR. 1993. Restoration and management of lakes
and reservoirs. 2™ ed. Boca Raton (FL): CRC Press.

Cunha DGF, Calijuri MDC, Dodds WK. 2014. Trends in nutrient and sediment retention in Great
Plains reservoirs (USA). Environ. Monit. Assess. 186:1143—1155.

Dawson DE, Vanlandeghem MM, Asquith WH, Patino R. 2015. Long-term trends in reservoir
water quality and quantity in two major river basins of the southern Great Plains Long-
term trends in reservoir water quality and quantity in two major river basins of the
southern Great Plains. Lake Reserv. Manag. 31:254-279.

Dodds WK, Robinson CT, Gaiser EE, Hansen GJA, Powell H, Smith JM, Morse NB, Johnson
SL, Gregory SV, Bell T, et al. 2012. Surprises and insights from long-term aquatic data
sets and experiments. Bioscience 62:709-721.

Domingues RB, Galvao H. 2007. Phytoplankton and environmental variability in a dam
regulated temperate estuary. Hydrobiologia 586:117—134.

Elliott JA, Jones ID, Thackeray SJ. 2006. Testing the sensitivity of phytoplankton communities
to changes in water temperature and nutrient load, in a temperate lake. Hydrobiologia
559:401-411.

Ferber LR, Levine SN, Lini A, Livingston GP. 2004. Do cyanobacteria dominate in eutrophic
lakes because they fix atmospheric nitrogen? Freshw. Biol. 49:690-708.

Gallon JR, Hashem MA, Chaplin AE. 1991. Nitrogen fixation by Oscillatoria spp. under
autotrophic and photoheterotrophic conditions. J. Gen. Microbiol. 137:31-39.

Gelca R, Hayhoe K, Scott-Fleming I, Crow C, Dawson D, Patifio R. 2015. Climate-water quality
relationships in Texas reservoirs. Hydrol. Process. 30:22-29.

Gotelli NJ, Ellison AM. 2004. A primer of ecological statistics. 1** ed. Sunderland (MA): Sinauer
Associates.

Grantz EM, Haggard BE, Scott JT. 2014. Stoichiometric imbalance in rates of nitrogen and
phosphorus retention, storage, and recycling can perpetuate nitrogen deficiency in highly-

15



573
574
575
576
577
578
579
580
581
582
583
584
585
586
587
588
589
590
591
592
593
594
595
596
597
598
599
600
601
602
603
604
605
606
607
608
609
610
611
612
613
614
615
616
617
618

productive reservoirs. Limnol. Oceanogr. 59:2203-2216.

Guildford SJ, Hecky RE. 2000. Total nitrogen, total phosphorus, and nutrient limitation in lakes
and oceans: Is there a common relationship? Limnol. Oceanogr. 45:1213—-1223.

Hitzteld BC, Hoger SJ, Dietrich DR. 2000. Cyanobacterial toxins: Removal during drinking
water treatment, and human risk assessment. Environ. Health Perspect. 108 Suppl:113—
122.

Huber V, Wagner C, Gerten D, Adrian R. 2012. To bloom or not to bloom: Contrasting
responses of cyanobacteria to recent heat waves explained by critical thresholds of abiotic
drivers. Oecologia 169:245-256.

Jacquet S, Briand JF, Leboulanger C, Avois-Jacquet C, Oberhaus L, Tassin B, Vingon-Leite B,
Paolini G, Druart J-C, Anneville O, et al. 2005. The proliferation of the toxic
cyanobacterium Planktothrix rubescens following restoration of the largest natural
French lake (Lac du Bourget). Harmful Algae 4:651-672.

Janssen ABG, Teurlincx S, An S, Janse JH, Paerl HW, Mooij WM. 2014. Alternative stable
states in large shallow lakes? J. Great Lakes Res. 40:813—-826.

Killick R, Haynes R, Eckley IA. 2016. Changepoint: An R package for changepoint analysis. R
package version 2.2.2. https://CRAN.R-project.org/package=changepoint

Koenker R, Machado JAF. 1999. Goodness of fit and related inference processes for quantile
regression. J. Am. Stat. Assoc. 96:458—468.

Knoll LB, Sarnelle O, Hamilton SK, Kissman CEH, Wilson AE, Rose JB, Morgan MR. 2008.
Invasive zebra mussels (Dreissena polymorpha) increase cyanobacteria toxin
concentrations in low-nutrient lakes. Can. J. Fish. Aquat. Sci. 65:448-455.

Lewis WM. 2000. Basis for the protection and management of tropical lakes. Lakes Reserv.
Research Manag. 5:35-48.

Londe LR, Novo EMLM, Barbosa C, Sraujo CAS. 2016. Water residence time affecting
phytoplankton blooms: Study case in Ibitinga Reservoir (Sao Paulo, Brazil) using
Landsat/TM images. Braz. J. Biol. http://dx.doi.org/10.1590/1519-6984.23814

Maceina MJ, Cichra MF, Betsill RK, Bettoli PW. 1992. Limnological changes in a large
reservoir following vegetation removal by grass carp. J. Freshw. Ecol. 7:81-95.

Marcé R, George G, Buscarinu P, Deidda M, Dunalska J, de Eyto E, Flaim, G, Grossart HP,
Istvanovics V, Lenhardt M, et al. 2016. Automatic high frequency monitoring for
improved lake and reservoir management. Environ. Sci. Technol. 50:10780—10794.

McCarthy MA. 2007. Bayesian methods for ecology. New York (NY): Cambridge University
Press.

Mitrovic SM, Hardwick L, Dorani F. 2011. Use of flow management to mitigate cyanobacterial
blooms in the Lower Darling River, Australia. J. Plankton Res. 33:229-241.

Mosley LM. 2015. Drought impacts on the water quality of freshwater systems; review and
integration. Earth-Sci. Rev. 140:203-214.

National Research Council. 2012. Challenges and Opportunities in the Hydrologic Sciences.
Washington, D.C. The National Academies Press.

Noges T, Laugaste R, Noges P, Tonno 1. 2008. Critical N:P ratio for cyanobacteria and N»-fixing
species in the large shallow temperate lakes Peipsi and Vortsjarv, North-East Europe.
Hydrobiologia 599:77-86.

Niirnberg GK. 2007. Low-nitrate-days (LND), a potential indicator of cyanobacteria blooms ina
eutrophic hardwater reservoir. Water Qual. Res. J. Canada 42:269-283.

Paerl HW. 1988. Nuisance phytoplankton blooms in coastal, estuarine, and inland waters.

16



619
620
621
622
623
624
625
626
627
628
629
630
631
632
633
634
635
636
637
638
639
640
641
642
643
644
645
646
647
648
649
650
651
652
653
654
655
656
657
658
659
660
661
662
663
664

Limnol. Oceanogr. 33:823-843.

Paerl HW, Scott JT, McCarthy MJ, Newell SE, Gardner SE, Havens KE, Hoffman SW,
Wurtsbaugh WA. 2016. It takes two to tango: When and where dual nutrient (N & P)
reductions are needed to protect lakes and downstream ecosystems. Environ. Sci.
Technol. 50:10805—-10813.

Paerl HW, Xu H, Hall NS, Zhu G, Qin B, Wu Y, Rossignol KL, Dong L, McCarthy MJ, Joyner
AR. 2014. Controlling cyanobacterial blooms in hypertrophic Lake Taihu, China: Will
nitrogen reductions cause replacement of non-N; Fixing by N> fixing taxa? PLoS One
9:e113123.

Persaud AD, Paterson AM, Ingram R, Yao H, Dillon PJ. 2014. Potential factors leading to the
formation of cyanobacterial scums in a mesotrophic softwater lake in Ontario, Canada.
Lake Reserv. Manag. 30:331-343.

Pick FR. 2016. Blooming algae: A Canadian perspective on the rise of toxic cyanobacteria. Can.
J. Fish Aquat. Sci. 10:1-10.

Pick FR, Lean DRS. 1987. The role of macronutrients (C, N, P) in controlling cyanobacterial
dominance in temperate lakes. New Zeal. J. Mar. Freshw. Res. 21:425-434.

Pipalova L. 2006. A review of grass carp use for aquatic weed control and its impact on water
bodies. J. Aquat. Plant Manag. 44:1-12.

Porras A, Richter A. 2015. Lady Bird Lake and Lake Austin status and trends. Watershed
Protection Department, City of Austin Report SR-15-04.

Porras A, Richter A, Hiers S, Clamann A, Scoggins M, Herrington C, Burdick W, Sudduth S.
2016. Reclaimed water irrigation water quality impact assessment. Watershed Protection
Department, City of Austin Report SR-16-06.
http://www.austintexas.gov/watershed protection/publications/document.cfm?id=263438

Raikow DF, Sarnelle O, Wilson AE, Hamilton SK. 2004. Dominance of the noxious
cyanobacterium Microcystis aeruginosa in low-nutrient lakes is associated with exotic
zebra mussels. Limnol. Oceanogr. 49:482-487.

Rangel LM, Silva LHS, Rosa P, Roland F, Huszar VLM. 2012. Phytoplankton biomass is mainly
controlled by hydrology and phosphorus concentrations in tropical hydroelectric
reservoirs. Hydrobiologia 693:13-28.

Reavie ED, Cai M, Twiss MR, Carrick HJ, Davis TW, Johengen TH, Gossiaux D, Smith DE,
Palladino D, Burtner A, et al. 2016a. Winter-spring diatom production in Lake Erie is an
important driver of summer hypoxia. J. Great Lakes Res. 42:608—618.

Reavie ED, Sgro GV, Estepp LR, Bramburger AJ, Chraibi VLS, Pillsbury RW, Cai M, Stow CA,
Dove A. 2016b. Climate warming and changes in Cyclotella sensu lato in the Laurentian
Great Lakes. Limnol. Oceanogr. XX:XXX-XXX.

Reichwaldt ES, Sinang SC, Ghadouani A. 2015. Global warming , climate patterns and toxic
cyanobacteria. In: Botana LM, Louzao C, Vilarino N, editors. Climate Change and
Marine and Freshwater Toxins. Walter de Gruyter, Germany, p. 195-238.

Riihland KM, Paterson AM, Smol JP. 2015. Lake diatom responses to warming: Reviewing the
evidence. J Paleolimnol 54:1-35.

Salmaso N, Zignin A. 2010. At the extreme of physical gradients: Phytoplankton in highly
flushed, large rivers. Hydrobiologia 639:21-36.

Scheffer M, Van Nes EH. 2007. Shallow lakes theory revisited: Various alternative regimes
driven by climate, nutrients, depth and lake size. Hydrobiologia 584:455-466.

Sommer U, Gliwicz ZM, Lampert W, Duncan A. 1986. The PEG*-model of seasonal succession

17



665
666
667
668
669
670
671
672
673
674
675
676
677
678
679
680
681
682
683
684
685
686
687
688
689
690
691
692
693
694
695
696
697
698
699
700
701
702
703
704
705
706
707
708
709
710

of planktonic events in fresh water. Arch. Hydrobiol. 106:433—471.

Soranno PA. 1997. Factors affecting the timing of surface scum and epilimnetic blooms of blue-
green algae in a eutrophic lake. Can. J. Fish. Aquat. Sci. 54:1965-1975.

Thronton KW, Payne FE, Kimmel BL. 1990. Reservoir limnology: Ecological perspectives. 1%
ed. New York (NY): John Wiley & Sons, Inc.

Visser PM, Ibelings BW, Van Der Veer B, Koedood§ J, Mur LR. 1996. Artificial mixing
prevents nuisance blooms of the cyanobacterium Microcystis in Lake Nieuwe Meer, the
Netherlands. Freshw. Biol. 36:435-450.

Wetzel R. 2001. Limnology: Lake and river ecosystems. 3™ ed. Sand Diego (CA): Academic
Press.

World Health Organization (WHO). 2003. Guidelines for safe recreational water environments.
Vol. 1: Coastal and fresh water. Geneva, World Health Organization.

WHO. 2011. Management of cyanobacteria in drinking-water supplies: Information for
regulators and water suppliers. Techincal Brief.
http://www.who.int/water_sanitation_health/dwq/cyanobacteria_in_drinking-water.pdf

Yasarer LMW, Sturm BSM. 2016. Potential impacts of climate change on reservoir services and
management approaches. Lake Reserv. Manag. 32:13-26.

Yuan LL, Pollard Al 2015. Deriving nutrient targets to prevent excessive cyanobacterial
densities in U.S. lakes and reservoirs. Freshw. Biol. n/a-n/a.

18



712
713

714
715
716

Lake Travis

_ Texas
Mansfield Dam

Lake Austin

Lake Austin

WTP

6 Kilometers Tom Miller Dam

Lady Bird Lake

Figure 1. Location of sampling sites in Lake Travis (12302) and Lake Austin (12300, 12297,

12294), and the primary drinking water treatment plants (WTPs) for the city of Austin. Inset map

shows basin location (gray) and location of the reservoirs (box) within the state of Texas, USA.
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719 Figure 2. A) Lake Travis daily elevations at Mansfield dam (meters above means sea level [m
720  amsl]). Gray areas represent multi-year periods of Lake Travis elevation declines and lower

721  average daily discharges. B) Monthly mean + 95% confidence intervals of daily discharge

722 volumes from the Mansfield dam, grouped into periods. The periods of 1990-1998 (open bars)
723 and 1999-2010 (bars with forward slash) represent periods of normal reservoir management;
724 2011-2014 (bars with back slash) was a period of drought-induced water conservation. C)

725  Comparison of logio daily average discharge volumes from the Manstield Dam (x-axis) and Tom
726  Miller Dam (y-axis) during years of normal reservoir management (closed circles; 1990-2010)
727  and drought-induced water conservation (open circles; 2011-2014); a 1:1 line is shown for

728  reference. D) Monthly mean + 95% confidence intervals of daily hydraulic residence time (days)
729  in Lake Austin, grouped into periods. Bar fills same as in panel B.
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732 Figure 3. Bi-monthly Lake Travis hypolimnetic (site 12302, ~1 m above bottom) mean + 95%
733  confidence intervals for nutrient chemistry (A—E). F) estimated loading (metric tonnes/yr) of
734 nutrients to Lake Austin. The periods of 1990-1998 (open bars) and 1999-2010 (bars with
735  forward slash) represent periods of normal reservoir management; 2011-2014 (bars with back
736  slash) was a period of drought-induced water conservation.
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738
739  Figure 4. Lake Austin surface (0.3 m depth) mean + 95% confidence intervals for nutrient
740  chemistry parameters comparing: sites, with means pooled across all months and periods (left



741  column); months, with means pooled across all sites and periods (center column); and periods,
742 with means pooled across all sites and months (right column). The periods of 1992—1998 and
743 1999-2010 represent periods of normal reservoir management; 2011-2014 (bars with back slash)
744  was a period of drought-induced water conservation. Mean period comparison at each site from
745  bi-monthly samplings can be found in supplemental figure 2.
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Figure 5. Lake Austin mean 95% = confidence intervals for surface (0.3 m depth) chlorophyll a
(ug/L; top row) and Secchi disk transparency (m; bottom row) comparing: sites, with means
pooled across all months and periods (left column); months, with means pooled across all sites
and periods (center column); and periods, with means pooled across all sites and months (right
column). The periods of 1992—-1998 and 1999-2010 represent periods of normal reservoir
management; 2011-2014 was a period of drought-induced water conservation. Mean period
comparison at each site from bi-monthly samplings can be found in supplemental figure 3.
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column) grouped into periods (1992—-1998, closed circles; 1999-2010, open circles; and 2011-

Temperature (C)
20 2 24

26 28

Dissolved oxygen (mg/L)
30 0 2 4 6 8

—8— 1892-1998
—O— 1999-2010
—— 2011-2014

April

August

QOctober

16 18

20 22 24
Temperature (C)

26 28

Dissolved oxygen (mg/L)

10

12

25



822
823
824
825
826
827
828
829
830
831
832
833
834
835
836
837
838
839
840
841
842
843
844
845
846
847
848
849
850
851
852
853
854
855
856
857
858
859
860
861
862
863
864
865
866
867

2014, closed squares). The periods of 1992—-1998 and 19992010 represent periods of normal
reservoir management; 2011-2014 was a period of drought-induced water conservation.
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Figure 7. Abundances (org/mL) of A) total algae (including flagellates); B) green algae; C)
diatoms; and D) cyanobacteria measured at the drinking water treatment plants near site 12294 in
Lake Austin. Gray areas represent multi-year periods of Lake Travis elevation declines and
lower average daily discharges (from Figure 2A).
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Figure 8. Julian day-normalized (x-axis) abundances (org/mL; y-axis) of A) total algae
(including flagellates); B) green algae; C) diatoms; and D) cyanobacteria, for the period 1992—
2010 of normal reservoir management (closed circles) and the 2011-2014 period of drought-
induced water conservation (open circles). Significant change points (C.P.) indicating bloom
initiation and peak for each period are shown with solid lines and dashed lines, respectively.
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Figure 9. Relationship between the 15 d moving average hydraulic residence time of Lake Austin
(d) and abundance (org/mL) of A) total algae (including flagellates); B) green algae; C) diatoms;
and D) cyanobacteria during the growing season (1 May—30 November) across all years (1992—
2014). The solid black line depicts the 95" quantile regression of algal abundance with hydraulic
residence time. Only select change points are shown in the figure; a full listing of all significant
change points can be found in supplemental table 1.
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Figure 10. Temporal changes (x-axis) in non-hydrilla aquatic vegetation (closed circles) and
hydrilla (open circles) coverage (ha; left y-axis) and number of stocked triploid grass carp (#
fish; crosses, right y-axis). Gray areas represent multi-year periods of Lake Travis elevation
declines and lower average daily discharges (from Figure 2A).
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Supplemental table 1. Significant change points identified from the 95 quantile regression line fitted to phytoplankton group

abundances (org/mL) and 15 d moving average hydraulic residence time (see: Fig. 9) or the 15 d moving average Tom Miller Dam
discharge (m?/s; see: Suppl. Fig. 6).

15d
average 95th 15d 95th 15 d average 95th 15d
hydraulic  quantile  average quantile hydraulic quantile average 95th quantile
residence  biomass discharge  biomass residence biomass discharge biomass
Group (d) (org/mL)  (m%/s) (org/mL) Group (d) (org/mL) (m?/s) (org/mL)

Total algae 7.5 6542 5.8 24,675 Diatoms 11.2 1188 2.2 11,360
11.7 7548 10.7 22,796 16.7 2799 3.7 11,848
13.1 7927 15.2 20,310 21.0 4089 12.8 11,430
20.4 10246 18.6 17,301 26.0 5488 16.3 9892
31.5 13614 23.2 12,430 32.2 7001 18.4 8125
92.9 14572 26.4 10,079 67.8 7401 20.4 5982
116.4 12717 37.3 9175 86.0 6339 21.7 4331
140.9 10876 453 10,314 118.8 4128 22.9 2415
282.7 12018 150.5 1932 234 1167

332.7 15834 335.9 2496
Green algae 6.8 359 5.7 1624 Cyanobacteria 5.5 450 1.7 9892
8.6 408 10.5 1498 6.8 856 3.6 8960
9.5 432 14.9 1332 9.5 1333 5.6 8066
10.3 452 18.1 1128 25.9 2416 7.7 7176
11.0 469 22.6 763 38.8 2758 12.9 5619
12.1 493 48.9 636 243 4155
13.4 522 72.8 844 28.4 2891
96.2 952 113.1 844 322 1469
142.6 773 34.2 601

212.8 686
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Supplemental figure 1. A) Lake Austin daily elevations at Tom Miller Dam (meters above mean

sea level [m amsl]). Gray areas represent multi-year periods of Lake Travis elevation declines

and lower average daily discharges. B) Monthly mean + 95% confidence intervals of daily

discharge (m?/s) from Tom Miller Dam grouped into periods. The periods of 1990—-1998 (open
bars) and 19992010 (bars with forward slash) represent periods of normal reservoir
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Supplemental ﬁgure 2. Lake Austin surface Water (0.3 m depth) mean + 95% confidence
intervals for nutrient chemistry parameters at Lake Austin sites 12300 (left column), 12297
(center column), and 12294 (right column) summarized for each period (black fill: 1992—1998;
red fill: 1999-2010; green fill: 2011-2014) for each bi-monthly sampling. The periods of 1992—
1998 and 1999-2010 represent periods of normal reservoir management; 2011-2014 was a
period of drought-induced water conservation.
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991  Supplemental figure 3. Lake Austin surface water (0.3 m depth) mean + 95% confidence
992  intervals for chlorophyll a (ug/L; top row) and Secchi disk transparency (m; bottom row) at sites
993 12300 (left column), 12297 (center column), and 12294 (right column) summarized for each
994  period (black fill: 1992—-1998; red fill: 1999-2010; green fill: 2011-2014) for each bi-monthly
995  sampling. The periods of 1992—1998 and 1999-2010 represent periods of normal reservoir
996  management; 2011-2014 was a period of drought-induced water conservation.
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Supplemental figure 4. Bayesian posterior frequency distribution (unitless) of the mean number
of growing season days (1 May—30 November) that Lake Austin could be in exceedance of
Austin Water bloom cell abundance thresholds for A) total algae (i.e., >10,000 org/mL) and, B)
cyanobacteria (i.e., >300 org/mL) during normal reservoir management (solid bars) and drought-
induced water conservation (open bars) years.
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Supplemental figure 5. Relationship between the 15 d moving average daily discharge (m>/s)
from the Tom Miller Dam and abundance (org/mL) of A) total algae; B) green algae; C) diatoms;
and D) cyanobacteria during the growing season (1 May—30 November) across all years (1992—
2014). The solid black line depicts the 95" quantile regression of algal abundance measurements
with discharge. Only two significant change points are shown on the figure; all of the change
points identified are given in supplemental table 1.
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Supplemental figure 6. Probability predictions, Pr(A|B), of cyanobacteria abundance exceeding
300 org/mL (A) at different 15 d average hydraulic residence times (d) in Lake Austin (B)
derived from Bayes’ theorem (see methods for full equation). Probabilities determined for the
entire period of record (1992-2014; solid line), and the periods of 1992—-1998 (long dash line)
and 1999-2010 (medium dash line) which represent periods of normal reservoir management;
2011-2014 (short dash line) was a period of drought-induced water conservation.
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